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A B S T R A C T

Organic micropollutants (OMP) increasingly enter agricultural soils through irrigation with reclaimed water, 
raising concerns about their mobility and persistence in soils and their potential to contaminate groundwater. 
This study investigates the fate of ten OMP in an arable loamy-sand topsoil using a combined experimental and 
modeling approach. Abiotic/biotic kinetic and isotherm batch experiments were performed to derive process- 
relevant parameters for sorption and biodegradation. An inverse modeling approach was employed to simulta
neously fit the parameters for the different processes to all three data types (i.e., abiotic kinetic, biotic kinetic 
data, equilibrium data), allowing robust parameter estimation across varying levels of model complexity. The 
model incorporated equilibrium and kinetic sorption (linear and Freundlich isotherms; one- and two-site kinetic 
models), first-order biodegradation, and explicitly accounted for vaporization losses due to aerated vessels, 
extending traditional batch modeling frameworks.

Four OMP (adamantan-1-amine, carbamazepine, diclofenac, and sulfamethoxazole) exhibited biphasic sorp
tion behavior, which was best described by a two-site kinetic model. Three OMP (acesulfame, saccharin, and 
valsartanate) showed negligible sorption but, following lag phases between 4 and 9 days, indicated microbial 
adaptation. After adaption, rapid biodegradation with half-lives of 0.4, 0.9, and 3.3 days, occurred. The 
remaining compounds (diatrizoate, trifluoromethanesulfonate, primidone) showed neither sorption nor 
degradation.

The necessity of applying the relatively complex modeling approaches — required to describe the lab ex
periments — to field conditions was investigated using Hydrus-1D simulations under realistic soil and climate 
scenarios. The simulations revealed that sorption kinetics and microbial adaptation phases had minimal impacts 
on OMP transport simulations at field-scale under matrix-dominated flow, despite their importance for 
laboratory-scale interpretation. The results suggest that simplified equilibrium and immediate-degradation as
sumptions may be sufficient for risk assessment regarding to OMP in homogeneous soils with predominantly 
uniform flow conditions.

Overall, this study presents a comprehensive framework for bridging laboratory observations with field-scale 
modeling, offering new insights into OMP fate and guiding efficient parameterization strategies for environ
mental risk assessment for the management of reclaimed water.

1. Introduction

The presence of organic micropollutants (OMP) in agricultural soils 

has become an increasing environmental concern, mainly due to irri
gation with reclaimed water (RW) (Abdallat et al., 2022; Mora, and 
Torres-Martıńez, J. A., Capparelli, M. V., Zabala, A., and Mahlknecht, J, 
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2022). OMP, which include pharmaceuticals, personal care products, 
industrial chemicals, and pesticides might persist in RW because con
ventional wastewater treatment plants are not designed to effectively 
remove these contaminants (Luo et al., 2014; Belete et al., 2023). As a 
result, OMP continuously enter aquatic environments and agricultural 
soils through discharge of treated wastewater and RW crop irrigation 
(Margot et al., 2015; Bijlsma et al., 2021), respectively. Concerns 
regarding their environmental impact in agricultural soils include po
tential contamination of groundwater through leaching (Helmecke 
et al., 2020; Partyka and Bond, 2022), shifting soil physico-chemical 
properties as a result of long-term RW irrigation (Hashem and Qi, 
2021; Ofori et al., 2024), and bioaccumulation in edible crops (Nguyen 
et al., 2023; Seelig et al., 2025).

Once introduced into soil, OMP undergo various physico-chemical 
and biological processes that determine their mobility, persistence, 
and ultimate fate (Nguyen et al., 2023; Pérez-Lucas and Navarro, 2024). 
Among these, sorption and microbial degradation are the dominant 
controls on OMP mobility and persistence under different water flow 
regimes (Qin et al., 2014; Ren et al., 2018; Gworek et al., 2021; Zhang 
et al., 2021).

Sorption involves the interaction between OMP and soil surfaces and 
can be described by both kinetic and equilibrium models (Chorover and 
Brusseau, 2008; Alhalabi et al., 2024). Equilibrium sorption models, 
such as linear or non-linear sorption isotherms, usually account for 
concentration-dependent sorption, while kinetic models describe time- 
dependent interactions. Sorption is affected by physico-chemical prop
erties of OMP, soil characteristics, and solution matrix properties 
including pH, ionic strength, and dissolved organic carbon content (Xu 
et al., 2021; Alhalabi et al., 2024). Typically, sorption kinetics follow a 
biphasic pattern, with an initial rapid phase followed by a slower 
approach to equilibrium (Site, 2001; Alhalabi et al., 2024).

Microbial degradation plays a key role in the natural attenuation of 
many OMP, transforming or mineralizing them (Avisar et al., 2009; 
Gibson et al., 2010; Qin et al., 2014). The efficiency of biodegradation is 
enhanced by microbial adaptation to the specific OMP (Spain and Van 
Veld, 1983; Sandrin et al., 2001), favorable environmental conditions 
such as temperature, soil moisture, and redox status (Lin and Gan, 2011; 
Greskowiak et al., 2017; de Wilt et al., 2018), and active and diverse 
microbial communities often stimulated by organic matter inputs (Barra 
Caracciolo et al., 2015; Menacherry et al., 2023; Rietra et al., 2024). 
Conversely, unfavorable conditions such as anoxic milieu, low microbial 
abundance, or recalcitrant OMP structures can markedly reduce 
biodegradation efficiency. For instance, carbamazepine is well known 
for its persistence in soils due to its stable aromatic ring structure, 
limited functional groups for microbial attack, and resistance to enzy
matic degradation (Grossberger et al., 2014). After the initial exposure 
of OMP to soil, the soil microbial communities may require time to ex
press relevant degradative enzymes (Sandrin et al., 2001). The microbial 
adaption and corresponding lag phases reflected as delayed onset of 
OMP degradation are a common phenomenon in soils, and may sub
stantially affect the fate of OMP in soils (Sandrin et al., 2001; Branco 
et al., 2023).

Traditional laboratory experiments under controlled conditions, 
such as batch and column studies, are essential for parameterizing 
sorption and biodegradation models (Banzhaf and Hebig, 2016). Accu
rately distinguishing between sorption and biodegradation requires a 
comparison of sterilized (abiotic) and unsterilized (biotic) systems 
(Hurtado et al., 2017; Lees et al., 2018; Schübl et al., 2021). Accurate 
estimation of biodegradation rates from batch experiments requires 
either comprehensive mass balance analyses via extraction and quanti
fication of OMP from both solid and liquid phases, or explicitly ac
counting for sorption processes in the data modeling approach when 
only aqueous concentrations are measured.

Several well-established modeling approaches of different complex
ities enable accurate parameter estimation for both static (batch) and 
dynamic (flow-through columns) soil-water systems (van Genuchten 

and Wagenet, 1989; Streck et al., 1995). Heistermann et al. (2003)
demonstrated the importance of sorption kinetics by integrating batch 
and column data to model the fate of the herbicide metsulfuron-methyl 
in loamy silt soil. Other studies investigating sorption and biodegrada
tion of OMP in soil have similarly emphasized the relevance of sorption 
kinetics for correct evaluation of lab-scale data (e.g., Lee et al., 2014; 
Mutavdžić Pavlović et al., 2017; Luo et al., 2024).

While sorption kinetics play a crucial role in accurately interpreting 
laboratory data, their importance for field-scale transport under natural 
conditions is unclear. Given that most OMP exhibit relatively rapid 
sorption (Site, 2001; Alhalabi et al., 2024), kinetic limitations may be 
negligible at field-scale. Similarly, microbial adaptation, which poten
tially delay the onset of biodegradation, may have little effect on OMP 
transport at larger spatial and temporal scales. Accordingly, it remains 
unclear whether kinetic limitations and microbial adaptation, which 
strongly influence lab-scale interpretation, are equally relevant at the 
field scale or whether they average out under natural conditions. 
Addressing this knowledge gap is essential to improve the reliability of 
model-based risk assessments for OMP transport in agriculture, espe
cially under irrigation with RW. We hypothesize that although kinetic 
limitations and microbial lag phases are essential for robust parameter 
estimation in batch experiments, their effect on OMP transport under 
field conditions may be negligible if they occur within typical environ
mental ranges.

To address these uncertainties, research is needed to bridge labora
tory findings with field-scale processes by integrating experimentally 
derived parameters into OMP field-scale simulations. The aim of this 
study was to (i) investigate the fate of ten selected OMP (namely ace
sulfame, adamantan-1-amine, carbamazepine, diatrizoate, diclofenac, 
primidone, saccharin, sulfamethoxazole, trifluoromethanesulfonate, 
valsartanate) in an agricultural topsoil in context of irrigation with RW 
using an advanced measurement and modeling approach that accounts 
for sorption kinetics, non-linear sorption isotherms, and microbial 
degradation, including potential microbial adaptation phases, and (ii) 
assess the relevance of sorption kinetics and microbial adaptation phases 
for field-scale OMP transport modeling under realistic agricultural soil 
conditions, including contrasting climate and groundwater proximity 
scenarios. By explicitly combining inverse modeling of batch data with 
process-based simulations, this study provides a unique test of whether 
simplified model assumptions (instantaneous sorption, immediate 
biodegradation) remain reliable under simulated field conditions.

2. Material & methods

2.1. Geolocation and soil characteristics

Soil samples were collected in 10–20 cm depth of the topsoil horizon 
(0–30 cm) of a Stagnic Cambisol in an arable field located in Branden
burg, southwest of Berlin (northeast Germany, 52◦16′34.3”N 
13◦04′39.7″E). The field undergoes periodic plowing, which influences 
soil structure and composition. The geological setting consists of a ter
minal moraine from the Weichselian glaciation, covered by bedload 
sand.

The freshly sampled soil material was stored at 8 ◦C covered with 
perforated cling film until use in batch experiments to maintain field 
moisture and preserve microbial community integrity as much as 
possible (Lees et al., 2018). Before the experiments, the soil was ho
mogenized and sieved to grain sizes below 2 mm. Physico-chemical soil 
properties measured using standardized methodologies are presented in 
Table 1. Given the slightly acidic soil conditions, the calcium carbonate 
content is expected to be negligible.

2.2. Characteristics of examined organic micropollutants

A stock solution with nine of the ten examined OMP was prepared by 
dissolving 10 mg of each substance (all analytical grade) in 1 L of 
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ultrapure water (Milli-Q ® IQ 7000). The stock solution was stored at 
8 ◦C until usage. TFMSA, which was not added to the stock solution was 
considered by its original concentration in the RW. Abbreviations, 
suppliers, and physico-chemical properties of all examined OPM are 
summarized in Table 2. OMP concentrations in aqueous samples 
collected in the experiments were analyzed using high-performance 
liquid chromatography (HPLC) coupled to a triple-quadrupole mass 
spectrometer (MS/MS), as described in detail by Zeeshan et al. (2023).

2.3. Water used in experiments

RW was used as the aqueous phase in both the kinetic and isotherm 
batch experiments (see below). The RW was collected from a large 
conventional wastewater treatment plant located in Berlin, which em
ploys tertiary treatment and seasonal UV disinfection (May 1st to 
September 30th). Due to a four-month gap between the isotherm and 
kinetic batch experiments, two distinct RW batches were used for the 
respective experiments. Their characteristics are summarized in Table 3.

For the kinetic experiments, RW was collected outside the regular UV 
disinfection period and was therefore independently disinfected in the 
laboratory. This was achieved using a 254 nm UV lamp (UV-EL, Ger
many) placed in a stainless-steel reactor, as described in detail by Thor 
et al. (2025). While this procedure likely inactivated microorganisms, it 
also led to partial degradation of certain OMP due to the high applied UV 
dose, as confirmed by Thor et al. (2025). Consequently, concentrations 
of several OMP in the UV-treated RW used in the kinetic experiments 
were notably lower than in the RW used in the isotherm experiments 
(Table 3).

2.4. Experiments

2.4.1. Sorption isotherm experiments
The isotherm batch experiments were conducted following OECD 

(Organisation for Economic Co-operation and Development) 106 
guidelines for sorption testing in batch systems (OECD, 2000). A soil-to- 
solution ratio of 1:2 was selected, consistent with previous batch sorp
tion experiments using soil from the same location and a similar set of 
OMP (Thalmann et al., 2025a, 2025b). Before the experiment, the soil 
was air-dried. Considering its residual water content (1.8 mass-%), 7.13 
g of soil and 13.87 mL of reclaimed water (RW) were added to 50 mL 
glass centrifuge tubes. Seven working solutions with different OMP 
concentration levels (around 0.5, 1.5, 5, 15, 50, 100, and 200 μg L− 1) 
were prepared by diluting a 10 mg L− 1 stock solution in RW, with the 
spiked OMP adding to the original concentrations already present in 
RW. All soil-containing samples were prepared in triplicates. In addi
tion, control samples without soil (containing 30 mL solution) were 
prepared in duplicate for each concentration level to assess OMP 

stability and potential adsorption to the vessel walls. To account for 
potential background contamination of the soil, blank samples (soil in 
0.01 mol L− 1 CaCl₂ without OMP) were run as triplicate. To inhibit 
microbial activity and prevent OMP biodegradation, 0.2 g L− 1 sodium 
azide (NaN₃) was added to each sample, which is a common sterilization 
procedure (Lees et al., 2018). All tubes were shaken for 48 h on a hor
izontal shaker (IKA HS 501) at 230 rpm in the dark. A 48 h contact time 
was selected in line with recent sorption studies on similar soils and 
OMP (Thalmann et al., 2025a, 2025b; Chefetz et al., 2008; Rodrıǵuez- 
López, and Santás-Miguel, V., Cela-Dablanca, R., Núñez-Delgado, A., 
Álvarez-Rodrıǵuez, E., Pérez-Rodrıǵuez, P., and Arias-Estévez, M, 2022; 
Rodríguez-López et al., 2024; Storck et al., 2016; Wu et al., 2020). 
Sorption kinetics of OMP in soils are typically much faster and generally 
approach equilibrium within a few hours, so that 48 h is expected to be 
sufficient to reach apparent equilibrium. At the same time, equilibration 
was not extended beyond 48 h because the effectiveness of NaN3 to 
suppress microbial activity may decline over longer periods, potentially 
allowing biodegradation to resume. Subsequently, samples were 
immediately centrifuged at 2300 rpm for 30 min (Thermo Scientific 
Sorvall LYNX 6000). A 10 mL aliquot of the aqueous supernatant was 
then filtered through a 0.45 μm syringe filter (regenerated cellulose, 
Macherey-Nagel GmbH), discarding the first few milliliters and subse
quently analyzed for OMP concentrations.

2.4.2. Kinetic experiments
The kinetic batch experiments were conducted following the 

approach of Martinez-Hernández et al. (2016). A total of 504.1 g of field- 
moist soil (10.7 mass-% water contentTable 1) was weighed into two- 
liter glass bottles and mixed with 1293.2 mL of RW (batch KIN in 
Table 2), resulting in a final soil-to-solution ratio of 1:3 (i.e., 450 g solid 
soil and 1350 mL solution). To differentiate between sorption and mi
crobial degradation, three abiotic batches containing 0.2 g L− 1 NaN3 to 
inhibit microbial activity and three biotic vessels without NaN₃ were 
prepared. In the abiotic vessels, only sorption was expected to occur, 
while the biotic vessels allowed to observe coupled sorption and 
biodegradation. Additionally, blank samples (1293.2 mL of 0.01 mol L− 1 

CaCl2 with 504.1 g soil) and control samples (300 mL spiked RW without 
soil in 500 mL glass vessels) were included in both abiotic and biotic 
variants.

To allow pre-equilibration between soil and solution, all soil- 
containing vessels were shaken for 17 h before spiking the 10 mg L− 1 

OMP stock solution, which added 20 μg L− 1 to the original OMP con
centrations in the RW (Table 2). However, during this pre-equilibration 
phase, original OMP were subject to sorption and/or biodegradation, 
which had to be accounted for in the modeling approach. All vessels 
were continuously shaken in the dark at 25 ± 1 ◦C on a horizontal shaker 
(circular motion; IKA KS 501) at 140 rpm. To maintain aerobic condi
tions, bottles remained uncapped throughout the experiment, leading to 
vaporization and a gradual decrease of solution volume and hence a 
change in soil-to-solution ratio during the experiment. Vaporization 
losses were monitored by regularly weighing the vessels (3 times during 
first spike experiment), which was considered in subsequent data 
modeling.

Aliquots of 3.5 mL were sampled at 12 times (0.5, 1.25, 2.5, 4, 6, 8, 
11, 24, 48, 72, 144, 240, and 312 h), removing a total of 4.2 % of the 
initial volume by the end of the experiment. Following the final sam
pling of the first OMP spike, all biotic vessels were refilled to the initial 
volume with RW (batch KIN in Table 3) to compensate for losses due to 
evaporation and sampling, while blanks were refilled again with 0.01 
CaCl2 solution. In accordance with Martinez-Hernández et al. (2016), a 
second OMP spike was added subsequently to this final sampling, and 
serial sampling was repeated at similar times (0.5, 1.25, 2.5, 4, 6, 8, 11, 
24, 48, 72, 144, 216, and 336 h). This extended sampling period for the 
biotic vessels was included to investigate potential lag phases associated 
with microbial adaptation. Again, all samples were analyzed for OMP 
concentrations using the prior described HPLC-MS/MS method.

Table 1 
Physico-chemical properties of soil samples. CORG is the organic carbon content, 
EC the electrical conductivity, and CEC the cation exchange capacity repre
senting the sum of exchangeable cations on the soil surfaces.

Textural fractions1

(mass-%)
Texture 
class2

CORG
3 pH4 EC5 CEC6

Sand Silt Clay mass- 
%

μS cm− 1 mmol 
kg− 1

84.9 6.2 8.5 Loamy sand 1.47 5.2 62.9 25.4

1 analyzed by the PARIO method (Durner and Iden, 2021)
2 classification according to the USDA system (USDA, 2017)
3 determined by combustion at 1350 ◦C with O2 supply and subsequent ab

sorption in a barium perchlorate solution and measured through titration of Ba 
(OH)2 to the initial pH

4 measured in 0.01 mol L− 1 CaCl2 solution with a soil solution ratio of 1:2.5
5 measured in H2O with a soil-to-water ratio of 1:10
6 value adopted from analyzes of a topsoil sample of the same field (Thalmann 

et al., 2025a, 2025b)
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2.5. Concomitant parameters

Electrical conductivity (EC), pH, and dissolved organic carbon (DOC) 
were monitored during kinetic batch experiments and pH and EC at the 

end of the isotherm experiments to assess matrix conditions and po
tential side effects, as displayed in Fig. S1 provided in the supplementary 
information (SI). In the biotic samples, pH slightly decreased, while 
abiotic soil samples showed a slight increase, likely due to NaN₃ 

Table 2 
Physico-chemical properties of examined OMP, including abbreviations, suppliers (SP), usage, molecular weight, octanol-water distribution coefficient (logD at pH 
7.5). The last column shows the molecular structures with pKa values for corresponding functional groups. More detailed information on OMP is given by Zeeshan 
et al., 2023.

OMP Abbreviation SP Usage Molecular weight 
(g mol− 1)

Charge at 
pH 7.5

logDa at 
pH 7.5

Structure with pKa values at 
corresponding functional groups

Acesulfame ACE S Artificial sweetenerb 201.24 negative − 3.06

Adamantan-1-amine ATA F
Influenza A virus medication, 
anti-Parkinson agentc 151.25 positive − 1.35

Carbamazepine CBZ S Antiepileptice 236.27 neutral 2.95

Diatrizoate DZA S X-ray contrast compoundf 613.93 negative − 0.63

Diclofenac DCF S Analgesicg 296.15 negative 1.05

Primidone PRI S Anticonvulsanth 218.25 neutral 1.12

Saccharin SAC S Artificial sweeteneri 183.18 negative − 0.49

Sulfamethoxazole SMX S Antibioticj 253.28 negative − 0.08

Trifluoromethanesulfonate TFMSA –
Short chained PFAS with diverse 
usagek 150.08 negative − 1.23

Valsartanate VSA B Main metabolite of the 
antihypertensive drug valsartanl 266.25 2×

negative
− 1.35

Suppliers: S Sigma-Aldrich, F Fluorochem, B Biozol
a(Chemaxon, 2025), b(Belton et al., 2020), c(Ghosh et al., 2010), e(Schmidtová et al., 2020), f(Lerner, 1975), g(Lara-Pérez et al., 2020), h(Schaffer et al., 2012), i(Buerge 
et al., 2010), j(Xu et al., 2018), k(Ali et al., 2022), l(Huntscha et al., 2012)

Table 3 
Concomitant chemical parameters and OMP concentrations in RW batches used in either batch experiments. ISO is the RW batch used in the isotherm experiments, and 
KIN the UV-treated RW batch used in the kinetic experiments. “<LQ” refers to values below the analytical limit of quantification and “n.a.” indicates “not analyzed”. 
OMP concentrations are given as original concentrations before spiking.

Batch Concomitant parameters Organic Micropollutants (μg L− 1)

pH EC (μS cm− 1) DOC (mg L− 1) ACE ATA CBZ DCF DZA PRI SAC SMX TFMSA VSA

ISO 7.3 951 n.a. 0.70 0.19 1.05 4.64 2.68 0.43 0.09 0.23 0.01 1.34
KIN 7.1 1216 13.5 0.01 0.15 0.86 <LQ <LQ 0.37 0.14 0.07 0.07 3.19
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addition, which is known to elevate pH in soil suspensions (Lees et al., 
2018; Süßmuth et al., 2024). A gradual EC increase in all vessels, due to 
evaporative ion up-concentration was observed. DOC concentrations in 
biotic soil samples remained stable (ca. 20 mg L− 1), suggesting limited 
microbial turnover. In contrast, DOC increased strongly in abiotic 
samples, reaching up to 65 mg L− 1, indicating enhanced leaching of 
organic matter caused by NaN₃.

3. Inverse modeling and field simulations

3.1. Conceptual model approach

We used the conceptual two-side sorption model described by van 
Genuchten and Wagenet (1989) combined with a first order degradation 
model (Fig. 1A with its compartments). In this model, the soil has two 
types of sorption sites: (i) a fraction of sites where sorption is instanta
neous (equilibrium sites, often denoted s₁), and (ii) the remaining sites 
where sorption is kinetically limited (non-equilibrium sites, s₂).

Microbial degradation is assumed to occur only in the aqueous phase 
(solution), which includes biofilms. Negligible degradation in the sorbed 
phase is a legit simplification according to van Genuchten and Wagenet 
(1989) and to a review by Katayama et al. (2009). Because our kinetic 
batch experiments were conducted in open, continuously shaken ves
sels, we extended the model to account for water loss (vaporization) 
over time. Water losses are also highly relevant for irrigation. Fig. 1B 
schematically depicts this extension, where a volume loss from the so
lution compartment leads to a gradually increasing soil–solution ratio. 
This vaporization process is represented as a constant (zero-order) rate 
process, as detailed below. Vaporization rate constants γ [Lh− 1] were 
estimated based on three weight measurements of all vessels along the 
first spike experiment (Fig. S1).

3.2. Model components

We combined four basic process descriptions to build a coupled 
equation system combining all relevant processes. The model equations 
for each process are formulated and explained in detail in Table 4. 
Sorption equilibrium was described using either a linear Henry or a non- 
linear Freundlich isotherm. Sorption kinetics were incorporated in two 
alternative ways: a one-site kinetic model (all sorption is time- 
dependent with a single first-order rate; s1 = 0 in Fig. 1A) and a two- 
site kinetic model (full model in Fig. 1A).

3.3. Governing coupled equation system

The coupled system of equations was derived by combining the 
above-described components as summarized and explained in Table 4 (a 
full derivation is provided in Appendix A1). Below we present the 
governing equations for the most complex case combining a non-linear 
Freundlich isotherm with two-site sorption kinetics, noting that the 

simpler models are special cases: 

dV
dt

= − γ (1) 

seq(c) = kf cn (2) 

dc
dt

= −
(kV − γ) c + mα

[
(1 − f) seq(c) − s2

]

V + mfseq(c)´
(3) 

ds2

dt
= α

[
(1 − f) seq(c) − s2

]
(4) 

Eq. (1) governs the solution volume decline due to vaporization. Eq. 
(2) represents the Freundlich sorption isotherm relating the instanta
neous sorbed concentration and/or the equilibrium sorbed concentra
tion to the current aqueous concentration. In case n = 1.00, it simplifies 
to a linear Henry isotherm. Eqs. (3) and (4) describe the OMP concen
tration change in the aqueous phase and the kinetic sorption dynamics 
on the kinetically limited sorption sites (s2-sites), respectively. The term 
seq(c)´ in Eq. (3) represents the first derivative of Eq. (2). The coupled 
equation system reduces to a one-site kinetic sorption model (Table 4) if 
f = 0 (all sorption is kinetic), or to an instantaneous equilibrium model 
if f = 1. In case of no degradation, the term kV in Eq. (3) diminishes.

The coupled system of differential equations (Eqs. (1) to (4)) was 
numerically solved using MATLAB’s built-in ordinary differential 
equation solvers (version R2023b; MathWorks, 2023).

3.4. Optimization procedure and objective function

We simultaneously fitted the coupled models summarized in Eqs. (1) 
to (4) to the three experimental data sets: 1) the sorption equilibrium 
isotherm data (only Eq. (2)), 2) the abiotic kinetic batch data (the term 
kV in Eq. (3) is zero), and iii) the biotic kinetic batch data (data of first 
OMP spike). The objective function was defined as the sum of weighted 
squared residuals between measured and modeled values for all data 
points across the three experiments: 

Φ(θ) = wIso

∑nIso

i=1

[
sobs
eq,i − smod

eq,i (θ)
]2

+wKin

∑nKin

i=1

[
cobs

j − cmod
j

(
tj, θ

) ]2

+wDeg

∑nDeg

i=1

[
cobs

k − cmod
k (tk, θ)

]2
(5) 

where θ denotes the parameter vector specific to each model configu
ration (see below; Table 5). sobs

eq,i and smod
eq,i refer to the observed and 

modeled sorbed concentration from the isotherm experiment. cobs
j and 

cmod
j are observed and modeled concentrations in abiotic batches 

(sorption kinetics) at time tj, and cobs
k and cmod

k are observed and modeled 
concentrations for the biotic batches (coupled sorption and biodegra
dation kinetics) at time tk. nIso, nKin, and nDeg are the respective numbers 

Fig. 1. Conceptual compartment model for batch experiments (A), and concept of changing soil-solution-ratio due to vaporization of kinetic batch experiment (B).
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of data points, given as means of triplicate measurements. wIso, wKin, wDeg 

are weights used to balance the contributions of the individual data sets 
within the objective function. Specifically, the isotherm component wIso 
was heuristically assigned a weight of 0.1 accounting for the roughly one 
order of magnitude higher values of that data range. The resulting 
weighted objective function (Eq. (5(5)) was minimized using the trust- 
region-reflective algorithm, provided by the MATLAB Optimization 
Toolbox. To avoid misinterpretation of a local minimum, the optimi
zation was repeated from multiple initial parameter sets, ensuring more 
robust identification of the global minimum.

For abiotic kinetic batches, only data in the first 48 h was used to be 
consistent with the equilibrium time applied in isotherm experiments. 
Moreover, NaN3 may not inhibit biodegradation throughout the exper
iment, as also discussed in the study limitations (Section 4.4). By fitting 
all data at once, we obtain one set of parameters that optimally repre
sents both equilibrium and time-dependent behavior, avoiding contra
dictions that might arise from separate fits.

3.5. Model selection

To avoid over-parameterization, we compared four model configu
rations of increasing complexity, combining either Henry or Freundlich 
isotherms with one-site or two-site kinetics (Error! Reference source 
not found.). We selected the most appropriate model system based on 
the lowest corrected Akaike Information Criterion (AICC) for small 
sample sizes (Hurvich and Tsai, 1989). In addition, the root mean square 
error (RMSE) between observed and simulated values was used as a 
supplementary measure of goodness-of-fit. This multi-dataset fitting 
procedure ensured that the selected model and parameter set could 
simultaneously reproduce the equilibrium isotherm, the sorption ki
netics, and the biotic degradation kinetics. As a result, we obtain robust 
parameter estimates that are consistent across all observations. This 
approach aligns with a previous study that integrated batch and column 
data to comprehensively model sorption and degradation processes 

(Heistermann et al., 2003). The final calibrated models served as input 
for subsequent predictive field-scale simulations.

3.6. Field simulations

To evaluate the relative importance of sorption kinetics, and mi
crobial adaption periods derived from laboratory experiments for 
simulated OMP transport at field-scale, process-based simulations were 
conducted using the Hydrus-1D (H1D) software package, version 
4.17.0140 (Šimůnek et al., 2013). H1D numerically solves the Richards 
equation for variably saturated flow and the advection-dispersion 
equation for coupled solute transport in porous media as one- 
dimensional processes (Šimůnek and van Genuchten, 2008). The 
implemented chemical non-equilibrium models in H1D include both 
one-site and two-site kinetic formulations, as outlined in Section 3.2.

The general simulation setup in H1D, including the soil domain, 
boundary conditions, and climate scenarios, follows the modeling 
framework described by Thalmann et al. (2025a). The simulations 
represent a realistic agricultural cropping system irrigated with RW 
under site-specific conditions corresponding to the soil sampling site, 
characterized by a sandy loam texture, humid climate, demand-based 
irrigation, and a crop rotation system with winter wheat and phacelia 
(adopted from Feifel et al., 2024). The PDI model system (Peters et al., 
2024) was used to describe the soil hydraulic properties of the specific 
site. Uptake by plants was not considered.

To test whether the effects of sorption kinetics and microbial lag 
phases depend on hydrologic setting, we used four combinations: (i) 
humid vs. semi-arid climate and (ii) a free-drainage lower boundary 
(deep groundwater) vs. a constant pressure head h = 0 cm at the lower 
boundary (shallow groundwater, i.e., a water table at 2 m below sur
face). All other inputs and parameters matched the base case (domain, 
soil hydraulic functions, transport and reaction parameters, manage
ment, and simulation periods). A full description of the simulation 
configurations is provided in the SI (Section S2.1).

To assess the relevance of sorption kinetics for field simulations, 
OMP exhibiting sorption were simulated using the most suitable kinetic 
model (i.e., one-site or two-site sorption), as determined by the lowest 
AICC value, and compared against a simple model assuming instanta
neous equilibrium sorption.

To evaluate the effect of lag phases on field-scale transport simula
tions, we assumed that biodegradation is delayed for the individual 
observed OMP lag phases at the onset of the first RW irrigation event 
(first OMP input). This was achieved by splitting the simulation into two 
sequential runs: The initial run covered the “warm-up” phase until the 
first RW irrigation event plus the observed adaption period. Then the 

Table 4 
Governing equations for the relevant processes of OMP in the soil batch experiments.

Process Model Governing equation Explanation

Vaporization zero-order dV
dt

= − γ
V(t) [L] is the time-dependent liquid volume; 
t [h] is the time; 
γ [L h− 1] is the vaporization rate constant

Microbial 
degradation

first-order dc
dt

= − k c c(t) [μg L− 1] is the concentration in solution at time t; 
k [h− 1] is the first-order degradation rate constant

Sorption 
equilibrium

Henry (linear) seq(c) = kd c seq(c) [μg kg− 1] is the sorbed concentration in equilibrium state at concentration c; 
kd[L kg− 1] is the linear distribution coefficient;

Freundlich (non- 
linear)

seq(c) = kf cn kf [μg1-n Ln kg− 1] is the Freundlich distribution coefficient; 
n [− ] is the Freundlich exponent (restrained to values <1, as higher values lead to isotherms which are 
mechanistically not plausible)

Sorption kinetics One-site sorption1 ds
dt

= α
(
seq(c) − s

) s [μg kg− 1] is the time-dependent kinetically limited sorbed concentration (similar to s2-sites in Fig. 1A); 
α [h− 1] is the first-order kinetic rate constant

Two-Site sorption1 ds1

dt
= fseq

´ dc
dt

;  

ds2

dt
=

α
[
(1 − f) seq(c) − s2

]

s1 [μg kg− 1] is the sorbed concentration at s1-sites (instantaneous); 
seq

´ [μg kg− 1 h− 1]: first derivative of sorption isotherm with respect to c; 
f [− ] is the fraction of s1-sites; 
s2 [μg kg− 1] is the time-dependent sorbed concentration at s2-sites (kinetically limited)

1 based on van Genuchten and Wagenet (1989)

Table 5 
Four tested models as combinations of two isotherm (Henry and Freundlich) and 
two kinetic models (one-site and two-site). For parameters explanation see 
Table 4.

Model ID Isotherm model Kinetic model Parameter set θ

OS-H Henry One-site kd,α,k
TS-H Henry Two-site kd,α, f,k
OS-F Freundlich One-site kf ,n,α,k
TS-F Freundlich Two-site kf ,n,α, f ,k
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final conditions of moisture and solute concentration distribution in the 
soil domain were taken as starting conditions for the second run, in 
which microbial degradation was activated according to the observed 
first-order biodegradation rates. These simulations were compared 

against the simple case in which degradation starts without lag-phase.
Microbial degradation is strongly affected by environmental factors, 

such as temperature, soil moisture, and soil depth among others 
(FOCUS, 2021; Naylor et al., 2022; Campan et al., 2023). A detailed 

Fig. 2. Measured data and inverse modeling results for simultaneous fitting of the sorption isotherm (first column), sorption kinetics (second column), and coupled 
sorption and biodegradation kinetics (last column) for ATA, CBZ, DCF and SMX (one per row) using two isotherm models (namely Henry (H) and non-linear 
Freundlich (F)), and kinetic models (namely one-site (OS) and two-site (TS)). The gray dashed-dotted line in sorption kinetics sub-plots (“EQ Henry*”) represent 
an apparent equilibrium model (only instantaneous sorption), calculated by the linear Kd obtained in isotherm experiment. The colored values in the right subplots 
are the AICC values (lowest AICC indicates the most appropriate model).
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description of how the biodegradation rates were adjusted to better 
reflect field conditions is given in the SI (Section S2.2), including 
Table S1 which summarizes all sorption (isotherm and kinetics), and 
corrected biodegradation parameters used in the H1D simulations.

4. Results & discussion

4.1. OMP showing sorption and biodegradation

Among the investigated compounds, ATA, CBZ, DCF, and SMX 
exhibited both sorption and biodegradation (Fig. 2), allowing compre
hensive evaluation using the proposed modeling framework (Section 3). 
For each of these OMP, four distinct model combinations of differing 
complexity were fitted (Table 5). The colored values in the right subplots 
are the AICC values (lowest AICC indicates the most appropriate model; 
Fig. 2). Fig. 2 also illustrates the fit to the three experimental data types 
(isotherm, abiotic kinetics, and biotic kinetics), while Table 6 summa
rizes the corresponding parameters for each fitted model together with 
the RMSE corresponding to each data type and AICC.

According to the lowest AICC, the most complex model combining 
non-linear sorption (Freundlich isotherm) and two-site kinetics 
described the data for ATA and CBZ best, whereas for DCF and SMX, the 
linear variant (Henry isotherm) of the two-site kinetics approach was 
most suitable (Table 6). In general, the sorption was found to be roughly 
linear as indicated by high Freundlich exponent values n > 0.93. This is 
also reflected by minor differences between model curves for linear and 
non-linear equilibrium sorption models (Fig. 2, left column).ATA sorp
tion follows a two-sided kinetics, with two thirds of the sorption sites 
being instantaneously occupied (f = 0.66), followed by relatively fast 
rate-limited sorption (α = 0.040 h− 1) reaching equilibrium within 
roughly 12 h. ATA is the only substance, which occurs as cation under 
the given pH (see Table 2), and therefore likely sorbs to negatively 
charged soil surface (e.g., dissociated carboxyl or hydroxyl groups) via 
electrostatic interactions such as cation exchange or electrostatic 
attraction (Droge and Goss, 2012; Xu et al., 2021). Such sorption 
mechanisms appear relatively rapid (Strawn, 2021), which supports the 
findings in this study. According to the estimated Kd and half-live of 
12.7 days (Table 6), biodegradation of ATA may be less relevant than 

sorption in lab-experiments, but will play a crucial role for the fate of 
ATA under real field-scale transport conditions. However, limited 
literature data is available for ATA, as ATA has been rarely studied in 
natural soil matrices.

CBZ sorption showed some similarities to ATA, as it is best described 
by a two-site kinetic model combined with a non-linear Freundlich 
isotherm with a fraction of roughly two thirds of instantaneous sorption 
(f = 0.627). Equilibrium for the other sites is roughly reached within 24 
h. As a non-ionic and relatively hydrophobic substance (according to its 
logD of 2.96, Table 2), sorption of CBZ takes place primarily via hy
drophobic interactions onto surface groups of organic matter and is 
therefore strongly correlated with CORG content in soils (Chefetz et al., 
2008; Paz et al., 2016; Kodešová et al., 2015; Filipović et al., 2020). CBZ 
showed rapid sorption and equilibrium, which is in line with previous 
studies (Williams et al., 2006; Calisto and Esteves, 2012). Its biodegra
dation (half-live of 9.6 d) was notably faster than commonly reported in 
other soil/sediment studies under aerobic conditions, where CBZ is 
typically persistent (e.g., Yamamoto et al., 2009; Li et al., 2013; Gross
berger et al., 2014; Foolad et al., 2015; Martinez-Hernández et al., 2016; 
Thelusmond et al., 2018). Martinez-Hernández et al. (2016) reported 
much lower CBZ attenuation in a loamy sand with nearly identical CORG 
content in similar approached batch experiments with RW used as liquid 
phase. Their study, however, only quantified overall removal kinetics 
without explicitly distinguishing between sorption and microbial 
degradation, which limits comparability. These deviations may relate to 
differences in soil organic matter and microbial communities, though 
these were not characterized in this study.

The data for SMX are best described by a linear sorption isotherm 
combining a two-site kinetic model. The estimated Kd of 0.99 L kg− 1 

indicates relatively low sorption of SMX onto the examined soil. Under 
the examined pH (ca. pH 7; Table 3), and according to its pKa of 5.7 
(Table 2), SMX predominantly occurs as anionic species. Accordingly, 
SMX sorption decreases with increasing pH, as functional groups and 
SMX dissociate and thereby become more negative enhancing the 
electrostatic repulsion between sorbent and sorbate (Hu et al., 2019; 
Wang et al., 2024; Thalmann et al., 2025a, 2025b). Like CBZ, SMX 
sorption also depends on CORG content as its sorption is mediated via soil 
hydrophobic interactions, hydrogen bonds and van der Waals forces (e. 

Table 6 
Estimated model parameters for ATA, CBZ, DCF, and SMX derived from fitting four different models (see Table 5). For further explanations of the individual parameters 
refer to Table 4 and Eqs. (1) to (4)). Root mean square errors (RMSE) are reported for each data type: Sorption isotherms (RMSEIso), abiotic kinetics (RMSEabio), and 
biotic degradation kinetics (RMSEbio), corresponding with the respective columns of Fig. 2. Boldly marked rows indicate the most suitable model type according to 
lowest AICC value.

OMP Isotherm Kinetic model Npara
§ Parameters Diagnostic variables

Sorption equilibrium Sorption kinetic Microbial degradation

kd/kf n α f k DT50
# RMSEIso RMSEabio RMSEbio AICC

L kg− 1/ μg1-n Ln kg− 1 – day− 1 – day− 1 day μg kg− 1 μg L− 1 μg L− 1 –
ATA Henry One-site 3 2.22 – 45.91 – 0.054 12.7 7.09 3.08 2.85 54.5

Freund One-site 4 2.22 1.00* 45.19 – 0.054 12.7 7.06 3.08 2.82 59.2
Henry Two-site 4 2.35 – 1.87 0.731 0.050 13.8 4.86 0.66 0.63 45.8
Freund Two-site 5 3.23 0.93 0.96 0.659 0.054 12.7 1.77 0.68 0.60 31.2

CBZ Henry One-site 3 2.88 – 31.48 – 0.084 8.3 6.64 3.38 3.09 54.4
Freund One-site 4 2.88 1.00* 32.63 – 0.084 8.3 6.72 3.38 3.09 59.3
Henry Two-site 4 3.04 – 2.09 0.671 0.079 8.8 4.18 0.57 0.67 42.4
Freund Two-site 5 3.85 0.94 1.30 0.627 0.072 9.6 2.01 0.64 0.60 33.3

DCF Henry One-site 3 2.13 – 1.26 – 1.026 0.7 5.67 2.28 1.96 48.3
Freund One-site 4 2.13 1.00* 1.26 – 1.026 0.7 5.67 2.28 1.96 53.0
Henry Two-site 4 2.27 – 0.11 0.293 1.124 0.6 1.90 0.48 0.38 24.4
Freund Two-site 5 2.37 0.99 0.10 0.288 1.123 0.6 1.88 0.48 0.38 30.5

SMX Henry One-site 3 0.95 – 5.24 – 0.308 2.3 3.7 1.81 1.69 40.0
Freund One-site 4 0.95 1.00* 5.25 – 0.308 2.3 3.71 1.81 1.69 44.8
Henry Two-site 4 0.99 – 1.60 0.424 0.309 2.2 1.94 1.16 0.90 30.4
Freund Two-site 5 1.02 0.99 1.55 0.420 0.308 2.3 1.83 1.16 0.90 35.9

§ Npara is the number of fitted parameters
# DT50 is the half-live value calculated as DT50 = ln (2)/k for better comparability with other findings in literature
* Parameter boundary reached
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g. Hu et al., 2019). Park and Huwe (2016) reported comparable Kd 
values for SMX (0.93–1.48 L kg− 1) in a mineral soil with similar prop
erties. Likewise, Mirenga and Thiele-Bruhn (2025) identified biphasic 
SMX sorption in peat soils consistent with a two-site kinetic model, 
confirming the sorption dynamics observed in our study. However, 
sorption capacities in their work were much higher due to the sub
stantially greater CORG content of peat compared to the loamy sand 
investigated here, underlining the strong role of CORG content for SMX 
sorption. In a similar methodological approach, Martinez-Hernández 
et al. (2016) observed SMX attenuation in a loamy sand with nearly 
identical CORG content, where sorption was comparable to our findings, 
but overall removal (sorption + biodegradation) was somewhat lower. 
As with CBZ, their approach quantified only total removal kinetics, 
without separating sorption from biodegradation, which limits direct 
comparison. A rapid biodegradation of SMX (estimated half-live of 2.2 
days) under aerobic conditions in this study is comparable to findings by 
Biel-Maeso et al. (2019) in two different soils with similar CORG content. 
In another study by Lin and Gan (2011), SMX was transformed under 
aerobic conditions in two soils with half-live values of 9.4 and 11.4 days. 
These soils had smaller CORG contents (both ca. 0.3 %), which may 

indicate that the degradation of SMX is positively related to the CORG 
content.

The fate of DCF cannot be described properly by our modeling 
approach (Fig. 2). This may result from either very slow sorption ki
netics, which seem rather unlikely, or differences in equilibrium sorp
tion behavior between isotherm and abiotic kinetic experiments. This 
difference could result by variations in experimental boundary condi
tions or different RW batches. A more detailed discussion is provided in 
the SI (Section S3.1).

Despite the unsatisfying model fit for DCF, manifesting in likely 
unrealistically slow sorption kinetics, sorption isotherm and biodegra
dation data appear reasonably well described (Fig. 2; Table 6). Equi
librium sorption, best represented by a linear Henry model with a Kd of 
2.27 L kg− 1, is consistent with values reported for similar soils with 
moderate CORG (e.g., Revitt et al., 2015; Thalmann et al., 2025a, 2025b). 
Sorption of DCF is predominantly governed by hydrophobic interactions 
with CORG, and limited effects from mineral constituents (Lin and Gan, 
2011; Prakathi et al., 2020; De Mastro et al., 2022). Biodegradation of 
DCF was notably fast, with a half-live of 0.8 days, which is at the lower 
end of reported values (e.g., Lin and Gan, 2011; Xu et al., 2009), possibly 

Fig. 3. Relative OMP mass (m m0, where m is the remaining OMP mass [μg] and m₀ the initial OMP mass [μg]) of ACE, SAC, and VSA in biotic batch experiment 
following two consecutive OMP spikes. These OMP exhibited negligible sorption and were thus evaluated for biodegradation only. Biodegradation was quantified by 
fitting a first-order decay model, which accounts for mass increases due to vaporization to the normalized mass data of the second spike (red lines). Fitted degradation 
rate constant k [day− 1], the corresponding half-live [d] (DT50 = ln(2)/k), and RMSE as a goodness-of-fit metric are reported in each sub-plot. “Control” are control 
samples (i.e., no soil), “Mean” is the mean value of triplicates, and “Single” are the respective single values of each sample. Lag phase duration (lp*) were estimated 
by visually aligning the second-spike degradation curve with the first-spike data (orange dotted lines; “Shifted decay”). Notably, initial microbial exposure to OMP 
began 17 h prior to the first spike due to pre-equilibration with RW, included in lp* values. (For interpretation of the references to colour in this figure legend, the 
reader is referred to the web version of this article.)
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due to enhanced microbial activity in the irrigated topsoil.

4.2. OMP showing solely biodegradation

ACE, SAC, and VSA exhibited negligible sorption to the tested agri
cultural soil (Kd < 0.2 L kg− 1), consistent with their high polarity and 
low logD values (Table 2). Similar findings were observed in previous 
sorption batch experiments conducted with the same topsoil material 
under various chemical solution conditions (Thalmann et al., 2025a, 
2025b). The dissipation of the three OMP in biotic batch experiments, as 
shown in Fig. 3 displaying their normalized mass (m/m0) in biotic 
batches for two consecutive spikes, could be attributed predominately to 
biodegradation. Accordingly, the second spike data, reflecting adapted 
microbial communities, was used for biodegradation rate fitting using a 
first-order decay model. These models were then shifted on the x-axis to 
visually estimate lag phases in the first spike, where degradation was 
initially delayed (lp* in Fig. 3).

ACE and SAC both demonstrated rapid biodegradation after the 
microbial community had adapted. Half-live values were then 0.5 and 
0.9 days for ACE and SAC, respectively (Fig. 3). In contrast, the first 
spike revealed a delay in degradation, particularly for ACE, where most 
of the concentration was retained in both controls (without soil) and soil 
suspensions (with spiked RW) for several days. This suggests that the soil 
microbiota required an adaptation phase before ACE degradation initi
ated. For SAC, an initial decline was observed even in the controls (no 
soil), implying that a portion of its biodegradation was mediated by 
microbes already present in the RW (indicating microbial activity 
although it was UV-treated). However, a stronger degradation response 
emerged in soil suspensions in the sample taken after 240 h, which may 
indicate a microbial adaptation of the soil community, consistent to the 
lag phase for ACE degradation.

Literature on the biodegradability of ACE and SAC in soils reflects 
similar patterns as observed in our experiments. While ACE has been 
considered persistent in aquatic systems (e.g., Belton et al., 2020) or 
during riverbank filtration (Scheurer et al., 2011; Jekel et al., 2015; 
Storck et al., 2016), implying its persistence in theses systems, recent 
studies have reported its biodegradability in aerobic degradation ex
periments conducted with different natural soils. Biel-Maeso et al. 
(2019), for instance, observed half-lives of 11 to 19 days for ACE and 
roughly 5 days for SAC in two agricultural soils in batch systems, with 
reported lag phases of about 4 days. Furthermore, Burke et al. (2018)
reported half-lives (normalized values to soil moisture at field capacity) 
between 1.5 and 27 days for ACE and 1.6 to 8.2 days for SAC, for 
different agricultural soils. These studies indicate that microbial adap
tation and soil properties such as organic carbon content can signifi
cantly affect degradation rates. In the present study, the notably faster 
dissipation of ACE and SAC may be favored by the relatively high CORG 
and, importantly, to the 17-h pre-equilibration with RW prior to first 
OMP spike (see Section 0).

Valsartanate (VSA) also showed a pattern of delayed but significant 
biodegradation, similar to ACE and SAC (Fig. 3). No removal occurred 
during the initial lag phase in the first spike, but following microbial 
adaptation, VSA was degraded with a half-live of 3.3 days. Similar to 
ACE, degradation was absent in control samples, supporting the inter
pretation that microbial transformation was exclusively mediated by the 
indigenous soil microbiota. Findings on the environmental fate of VSA in 
soils are sparse. However, our results roughly align with those from 
column studies simulating bank filtration conducted by Burke et al. 
(2018), who observed that VSA is degraded very quickly (half-live of 0.5 
h) under warm, oxic sediment conditions.

The observed lag phases across all three OMP highlight the impor
tance of microbial acclimation in soil systems and the need to consider 
these adaption periods in biodegradation studies by extending the 
experiment with a second spike event.

The remaining three substances DZA, TFMSA, and PRI exhibited no 
or not quantifiable low reactivity in all experiments, indicating mobile 

and persistent behaviors of these OMP in the tested soil under the 
experimental conditions. A detailed discussion is given in the SI in sec
tion S3.2.

4.3. Implications in field simulations

The relevance of lab-derived sorption kinetics parameters for pre
dicted field-scale transport of ATA, CBZ, DCF, and SMX was evaluated 
through comparative simulations using Hydrus-1D, distinguishing rate- 
limited sorption (“Non-EQ”, Fig. 4) versus instantaneous equilibrium 
assumptions (“EQ”, Fig. 4). Across a three-year simulation period after 
RW irrigation initiated, both approaches yielded nearly identical OMP 
fluxes at 10, 20, and 30 cm depths.

Additionally, these results were robust across contrasting hydrologic 
settings. Varying both climate (humid vs. semi-arid) and lower bound
ary conditions (deep groundwater, free drainage, vs. shallow ground
water, constant head h = 0 cm) produced only marginal changes in the 
relative differences between non-equilibrium and equilibrium sorption 
simulations at 10–30 cm (Fig. A2). These additional simulations indicate 
that our base-case finding is insensitive to climatic forcing and lower 
groundwater conditions under matrix-dominated flow.

This result indicates that despite evident rate-limited sorption 
observed in batch experiments, incorporating sorption kinetics in sim
ulations of field OMP transport did not have a significant effect, and this 
holds across semi-arid/humid climates and deep/shallow groundwater 
conditions. This is not surprising for ATA, CBZ, and SMX, for which 
equilibrium was roughly reached within 24 h in the laboratory experi
ments (Fig. 2). DCF presents an extreme scenario with likely unrealis
tically slow sorption (α = 0.11 day− 1, Table 6) due to discrepancies in 
sorption between isotherm and kinetic batch experiments as discussed 
above. Despite this unrealistically slow sorption, the non-equilibrium 
simulation yielded only marginally increased cumulative DCF fluxes 
compared to the equilibrium scenario (Fig. 4), suggesting a limited effect 
on OMP transport under typical model assumptions.

The limited impact of sorption kinetics on field-scale transport in our 
simulations aligns with findings by de Wilde et al. (2008), who showed 
that sorption kinetics mainly affect solute leaching when the residence 
time in the soil is short. Rahman et al. (2004) similarly emphasized the 
importance of sorption kinetics under preferential flow, where rapid 
solute movement limits sorption equilibrium adjustment in soils. 
Radolinski et al. (2022) demonstrated that the degree of preferential 
flow critically governs the relevance of non-equilibrium assumptions, 
while Maraqa and Khashan (2014) confirmed that kinetic effects 
diminish under uniform flow but are significant in systems with fast 
solute transport and heterogeneous sorption sites.

To evaluate the relevance of microbial adaptation time for field-scale 
transport, H1D simulations were conducted for ACE, SAC, and VSA with 
and without inclusion of the experimentally observed lag phases (Fig. 5). 
Across all three OMP, cumulative fluxes at 10, 20, and 30 cm depths 
were nearly identical between both simulation scenarios. Only ACE, 
which exhibited the longest lag phase (9 d), showed a marginal increase 
in solute flux at 10 cm depth when lagged degradation was considered. 
However, this difference became negligible at greater depths, indicating 
minimal influence of microbial lag phases on overall transport under the 
simulated conditions.

The sensitivity analysis across climate and groundwater conditions 
likewise to sorption kinetics showed minor effects of microbial adapta
tion time on near-surface fluxes (Fig. A3). In all cases, effects diminished 
with depth and did not alter domain-integrated observations. Hence, the 
lag/no-lag contrast is largely insensitive to the tested climatic forcing 
and lower-boundary conditions under matrix-dominated flow.

Nevertheless, under fast transport conditions and/or prolonged lag 
phases, microbial degradation may be delayed, allowing OMP to bypass 
reactive topsoil layers before biodegradation begins, thereby increasing 
the risk of groundwater contamination. Microbial adaptation to xeno
biotics has been shown to require up to several weeks in previously 
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unexposed soils (Dechesne et al., 2014; de Wilt et al., 2018). If such 
adaptation delays coincide with rapid leaching (e.g., in coarsely 
textured or soils that are dominated by preferential flow) OMP may be 
transported beyond the predominantly biological active zones before 
degradation can occur (Sandrin et al., 2001; Bertelkamp et al., 2015).

Taken together, these findings indicate that while sorption kinetics 
and microbial adaptation should be considered when deriving parame
ters from lab-scale data, they have limited effect on simulation results 
representing field-scale transport under matrix-dominated conditions. 
Simplified assumptions (i.e., instantaneous sorption and immediate 
biodegradation) provided similar predictions to more complex simula
tions. Thus, for homogeneous soils irrigated with RW, such simplifica
tions are justified and can support site-specific risk assessments using 
established tools like FOCUS PELMO (FOCUS, 2021), FOCUS PEARL 
(Leistra et al., 2001), or Hydrus-1D (Šimůnek et al., 2013). However, 
under conditions promoting short residence times or delayed microbial 
adaptation, neglecting these processes may underestimate OMP 

mobility and related risks.

4.4. Study limitations

This study presents a comprehensive integrative approach that 
combines batch experiment findings with advanced data modeling to 
support field-scale simulations assessing the fate of OMP in soils under 
reclaimed water irrigation. However, some limitations are acknowl
edged in the following: 

• The use of NaN3 (0.2 g L− 1) to inhibit microbial activity in abiotic 
batch experiments may introduce uncertainty, as its sterilization 
efficiency depends on concentration, exposure duration, and the 
native microbial community (Lees et al., 2018; Otte et al., 2018; 
Süßmuth et al., 2024). While degradation was likely suppressed 
during the period of 48 h considered for sorption equilibrium, NaN₃ 
may alter soil properties (Trevors, 1996) or react with certain 

Fig. 4. Simulation results of ATA, CBZ, DCF, and SMX three years after irrigation start showing the relative cumulated solute fluxes at 0 (influx), 10, 20, and 30 cm 
depth one considering rate-limited sorption (Non-EQ) and another assuming instantaneous equilibrium sorption (EQ). Relative cumulative solute flux and degra
dation (cumulative value of entire soil domain) were calculated by normalizing to the total solute influx relative to the maximum influx at last time tmax. All reaction 
parameters used in H1D are summarized in Table S1.

Fig. 5. Simulated relative cumulative solute fluxes and microbial degradation of ACE, SAC, and VSA at 10, 20, and 30 cm depths during the first irrigation season 
after the onset of irrigation with reclaimed water (RW). Simulations compare scenarios with experimentally observed microbial lag phases (solid red lines: “Lag”) to 
those without lag phases (dashed blue lines: “No lag”), where degradation initiates immediately upon OMP entry into the soil. The gray lines indicate cumulative 
microbial degradation, and the black line represents the total solute influx at the soil surface (0 cm). All values are normalized to total influx at tₘₐₓ. Parameter values 
used for degradation and lag phases are summarized in Table S1. (For interpretation of the references to colour in this figure legend, the reader is referred to the web 
version of this article.)
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analytes (Chafetz et al., 2006), potentially affecting sorption dy
namics. These effects were evaluated via control batches and 
concomitant parameter monitoring (see SI, Section S1.2).

• The modeling approach assumes fully reversible, non-hysteretic 
sorption, which may oversimplify actual OMP-soil interactions, 
and was found to be relevant for various OMP (e.g., reviewed by 
Alhalabi et al., 2024).

• Biodegradation rates used in the H1D simulations were corrected for 
field-relevant factors such as soil depth, temperature, and moisture 
(detailed in SI; Section S1.3). However, these rates remained static 
and did not account for temporal variability in microbial activity and 
environmental conditions, due to seasonal shifts or short-term 
environmental fluctuations, potentially limiting the accuracy of 
long-term predictions.

• H1D simulations assume uniform matrix flow, excluding preferential 
flow and transport heterogeneities. This may underestimate the im
pacts of sorption kinetics and lag phase on OMP transport, i.e., in 
structured soils which are affected by preferential flow and rapid 
transport dynamics.

Despite these limitations, the study offers robust insights into the 
dominant processes of OMP fate and their importance for field-scale 
transport modeling, supporting simplified modeling assumptions 
under defined conditions as is usually the case for typical risk assessment 
tools such as FOCUS PELMO, FOCUS PEARL, and H1D. While the field 
simulations provide scenario-based predictions, to evaluate the theo
retical relevance of these dynamic factors of lab-driven parameters these 
scenarios do not substitute for empirical validation under actual field 
conditions.

5. Summary & conclusion

This study presents an integrative approach combining findings from 
batch experiments with advanced modeling and process-based field- 
scale simulations to investigate the environmental fate of ten OMP in an 
agricultural topsoil in context of irrigation with RW. Parameters for 
sorption isotherms, sorption kinetics, and microbial degradation were 
estimated from laboratory data using a robust inverse modeling frame
work, which simultaneously fitted multiple data types and explicitly 
accounted for vaporization from aerated batch vessels.

ATA, CBZ, and SMX exhibited biphasic sorption behavior, with a 
rapid initial phase followed by a slower approach to equilibrium within 
24 h. A two-site kinetic model provided the best fit based on the lowest 
AICC values. Notably, CBZ exhibited faster degradation than typically 
reported, suggesting that site-specific microbial adaptation and soil 
organic matter may significantly alter degradation dynamics. Six OMP 
(ACE, SAC, VSA, DZA, PRI, TFMSA) exhibited negligible sorption, 
whereas of these DZA, PRI, TFMSA were also not biodegraded, indi
cating their mobility and persistence under the experimental conditions. 
In contrast, ACE, SAC, and VSA, following lag phases between 4 and 9 
days, were biodegraded relatively rapidly with half-lives of 0.4, 0.9, and 
3.3 days, respectively.

Field-scale simulations using Hydrus-1D assessed the relevance of 
sorption kinetics and microbial lag phases under typically assumed site 
conditions for model-based risk assessment. While these dynamic factors 
were essential for a correct parameterization at the laboratory scale, 
simulations showed negligible impacts on field-scale transport of OMP 
under matrix-dominated flow conditions. These findings imply that, 
especially in homogeneous soils, simplified simulation approaches 
assuming instantaneous sorption and immediate biodegradation may be 
sufficient for reliable model-based risk assessment. However, when OMP 
exhibit slow sorption or prolonged lag phases, particularly in soils with 

rapid water and OMP transport, such as coarsely-textured or soils 
dominated by preferential flow, these processes may significantly affect 
transport of OMP and should be explicitly considered. While our find
ings support simplified model assumptions under contrasting climates 
and groundwater conditions (deep vs. shallow) in the studied loamy 
sand, further work on other soils with different reactivity is needed to 
test whether these conclusions are transferable.

Ultimately, this study provides a comprehensive framework for 
linking lab-scale parameterization with field-scale simulations to assess 
the fate of OMP in agriculture irrigated with RW. These insights can help 
streamline regulatory groundwater risk assessments by supporting the 
use of simplified transport models under well-characterized, soil matrix- 
dominated conditions, thereby improving efficiency without compro
mising scientific robustness. Future research should focus on empirical 
validation of sorption kinetics and microbial adaptation periods under 
realistic field conditions, particularly targeting scenarios involving 
preferential flow or limited microbial pre-exposure, to robustly quantify 
transport risks.
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Appendix A. Appendix

A.1. Derivation of governing equation system

Fig. A1. Compartment model for OMP fate in batch experiments with mass balance approach.

The mathematical derivation of the most complex equation system (i.e., Freundlich isotherm and two-site kinetic sorption model) incorporating 
the changing soil-solution-ratio according to a zero-order vaporization of water is described as follows with some general definitions to begin with: 

Mc = Vc (A1) 

where Mc [μg] is the mass of the OMP in solution, V [L] is the solution volume and c [μg L− 1] is the OMP solution concentration. 

Ms = Ms1 +Ms2 (A2) 

where Ms [μg], is the total sorbed OMP mass as sum of OMP mass sorbed to s1 and s2 sites (Ms1 and Ms2 ). 

s =
Ms

m
= s1 + s2 (A3) 

where s [μg kg− 1] is the total sorbed concentration at both types of sorption sites, m [kg] is the soil mass in the batch, s1 [μg kg− 1] is the sorbed 
concentration at s1-sites (instantaneous equilibrium), and s2 [μg kg− 1] is the sorbed concentration at s2-sites (kinetically limited).

At equilibrium, the s1 and s2 are defined as: 

s1,eq = s1 = f seq (A4) 

s2,eq = (1 − f) seq (A5) 

where f [− ] is the fraction of s1-sites, and seq [μg kg− 1] is the sorbed concentration after equilibrium adjustment defined by the Freundlich isotherm for 
the most complex case: 

seq(c) = kf cn (A6) 

with kf [μg1-n Ln kg− 1] is the Freundlich distribution coefficient, n [− ] is the Freundlich exponent (restrained to values ≤1, as higher values lead to 
isotherms which are mechanistically not plausible).

Because batch flasks where shaken open to allow aeration during the experiment, solution volume changes linear described by a zero-order model: 

dV
dt

= − γ (A7) 

where γ [L h− 1] is the vaporization rate constant.
The mass changes in solution plus sorbed to s1-sites (area within dashed line in Fig. A1), and the mass sorbed to s2-sites can be defined as: 

dMc

dt
+

dMs1

dt
= − kMc − mα

[
(1 − f)seq(c) − s2

]
(A8) 

dMs2

dt
= mα

[
(1 − f)seq(c) − s2

]
(A9) 

where k [h− 1] is the is the first-order rate constant for microbial degradation, and α [h− 1] is the rate constant for kinetically limited sorption (s2-sites). 
The first term on the right side of Eq. (A8) describes the first order degradation and the second the “loss” towards the s2-sites.

As Ms2 = ms2, and m is constant, Eq. (A9) simplifies to (equaling Eq. (4)): 
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ds2

dt
= α

[
(1 − f)seq(c) − s2

]
(A10) 

Using Eq. (A1) and Ms1 = mfseq, Eq. (A8) becomes: 

dVc
dt

+mf
dseq

dt
= − kVc − mα

[
(1 − f)seq(c) − s2

]
(A11) 

Then, using the product rule in dVc
dt and chain rule in second term dseq

dt , we get: 

c
dV
dt

+V
dc
dt

+mf
dseq

dc
dc
dt

= − kVc − mα
[
(1 − f)seq(c) − s2

]
(A12) 

Using Eq. (A7) in Eq. (A12) brings: 

− cγ +
(

V+mf
dseq(c)

dc

)
dc
dt

= − kVc − mα
[
(1 − f)seq(c) − s2

]
(A13) 

Rearranged Eq. (A13) for dc
dt (yields) 

dc
dt

= −
(kV − γ)c + mα

[
(1 − f)seq(c) − s2

]

V + mf dseq(c)
dc

(A14) 

Using the first derivation of the Freundlich isotherm (Eq. (A6)) in Eq. (A14) yields the final differential equation for the time-dependent con
centration identical to Eq. (3): 

dc
dt

= −
(kV − γ)c + mα

[
(1 − f)kf cn − s2

]

V + mfnkf cn− 1 (A15) 

Summarizing, the 4 coupled differential equations are: 

dV
dt

= − γ (A16) 

seq(c) = kf cn (A17) 

dc
dt

= −
(kV − γ) c + mα

[
(1 − f) seq(c) − s2

]

V + mfseq(c)´
(A18) 

ds2

dt
= α

[
(1 − f) seq(c) − s2

]
(A19) 

A.2. Field-scale sensitivity of kinetic vs. instantaneous sorption to hydrologic setting
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Fig. A2. Sensitivity of the sorption-kinetics effect to climate and groundwater proximity at field scale. Bars show the relative difference (%) in cumulative solute flux 
over 3 years between non-equilibrium (first-order kinetic) and instantaneous sorption simulations at 10, 20, and 30 cm for ATA, CBZ, DCF, and SMX. Scenarios span 
humid vs. semi-arid (just arid in figure for brevity) climate forcing and two lower boundary conditions: free drainage (deep groundwater) and constant pressure head 
h = 0 cm at the lower boundary (shallow groundwater). All other inputs match the base configuration. GW abbreviates groundwater.

A.2.1. Field-scale sensitivity of lag vs. no-lag degradation to hydrologic setting

Fig. A3. Sensitivity of the lag-phase effect to climate and groundwater proximity at field scale. Bars show the relative difference (%) in cumulative solute flux over 1 
year between simulations with measured microbial lag phases and without lag at 10, 20, and 30 cm for ACE, SAC, and VSA. Scenarios span humid vs. semi-arid (just 
arid in figure for brevity) climate forcing and two lower boundary conditions: free drainage (deep groundwater) and constant pressure head h = 0 cm at the lower 
boundary (shallow groundwater). All other inputs match the base configuration. GW abbreviates groundwater.
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Appendix B. Supplementary data

Supplementary data to this article can be found online at https://doi.org/10.1016/j.jconhyd.2025.104779.

Data availability

The data that the extensive H1D simulations are based on is going to 
be made available upon request after acceptance of our manuscript.
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Rodrıǵuez-López, L., Santás-Miguel, V., Cela-Dablanca, R., Núñez-Delgado, A., Álvarez- 
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Šimůnek, J., van Genuchten, M.T., 2008. Modeling Nonequilibrium Flow and Transport 
Processes Using HYDRUS. Vadose Zone J. 7, 782–797. https://doi.org/10.2136/ 
vzj2007.0074.

Seelig, A.H., Junghans, V., Reemtsma, T., Zahn, D., 2025. Plant uptake of persistent and 
mobile chemicals in rocket (Eruca sativa)─A greenhouse study on agricultural 
wastewater reuse. Environ. Sci. Technol. 59 (18), 9265–9274. https://doi.org/ 
10.1021/acs.est.5c02379.
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